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ABSTRACT
Obkirchner, Caroline Elise, The effects of gold mining on microbiome composition in a
freshwater ecosystem. Master of Science (Biology), May, 2019, Sam Houston State
University, Huntsville, Texas.
Mercury (Hg) contamination of freshwater ecosystems due to gold mining
activities is a source of human health, environmental, and food security problems around
the world. In Guyana, South America, it is estimated that 80 tons of mercury is expelled
into the environment due to gold mining processes each year. Once in the aquatic
environment, mercury undergoes methylation by microorganisms including sulfate
reducing bacteria (SRB) iron reducing bacteria (IRB), firmicutes, and methanogens that
have capabilities for mercury methylation. Methyl mercury (MeHg) is a neurotoxin, and
it bioaccumulates and biomagnifies through the food chain leading to high MeHg
concentrations in the tissues of fish ordinarily consumed by people. This places them at
risk of MeHg poisoning and health related problems including ataxia, organ damage and
birth defects. Although the effects of biomagnification and bioaccumulation are
previously documented, further characterization of the microbiome existing in these
aquatic systems is necessary to fully comprehend the nature of microbial mercury
methylation. This study tested the following hypotheses. Hypothesis 1: Certain
physiochemical and habitat characteristics will be significantly different between gold
mined and non-mined sites. Hypothesis 2: The concentrations of gold (Au), arsenic (As),
and sulfur (S) in sediments will be significantly different between gold mined and nonmined sites. Hypothesis 3: The concentration of Hg and MeHg in sediments at goldmined sites will be higher than at non-mined sites. Hypothesis 4: The composition of the
microbiome structure will be significantly different between gold mined and non-mined
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sites. Results indicate that certain physical (e.g., temperature, total dissolved solids
(TDS), and turbidity), chemical (pH and electrical conductivity) and habitat (%
macrophytes) were significantly different between gold mined and non-mined sites
(Mann-Whitney U test, p-value<0.05); however, because of the complex nature of
neotropical rivers, the significant difference in specific parameters cannot be explained
simply due to presence of mining activity. Elemental analysis revealed that there is a
higher concentration of Au, As, Hg and MeHg in soil sediments collected from goldmined sites than found at non-mined sites (Mann-Whitney U test, p-value<0.05. Results
also revealed significant differences in microbial community structure between mined
and non-mined sites on various taxonomic levels. Proteobacteria were present in greater
percent relative abundance (Kruskal Wallis test, p < 0.01) at mined sites (46.23%) than
the non-mined sites (34.23%), while Actinobacteria were found significantly in greater
abundance (Kruskal Wallis test, p < 0.01) at non-mined sites (34.39%) than the mined
sites (25.78%). Additionally, known bacteria, including Geobacter and
Desulfosporosinus with mercury methylation capability were found in higher abundance
at mined sites (Kruskal Wallis test, p<0.05). In conclusion, the composition of
microbiome was significantly different between mined and non-mined sites, and mined
sites had higher abundance of confirmed mercury methylators, which are likely to be
contributing to the production of MeHg at three gold-mined sites.
KEY WORDS: Gold mining, Microbiome, Mercury, Methylmercury, Hg, MeHg,
neotropical river, sediment microbiome.
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CHAPTER I
Introduction
Heavy metal contamination is a threat to both human and environmental health.
The general collective term “heavy metal” may refer to the metals and metalloids that
have an atomic density greater than 4 g/cm3, or the metal or metalloids with densities at
least 5 times greater than water (Hutton and Symon, 1986; Battarbee et al., 1990).
Additionally, heavy metals are defined as elements that have an atomic weight between
63.546 and 200.590 (Kennish, 1991). A heavy metal is also defined as any metallic
element that has a relatively high density and is toxic at low concentrations (Lenntech,
2004). A few heavy metals that meet the above criteria include mercury (Hg), arsenic
(As), cadmium (Cd), lead (Pb), copper (Cu), and chromium (Cr) (Järup, 2003; Nagajyoti
et al., 2010; Barakat, 2011). The heavy metals that occur naturally in the earth’s crust
vary in concentration and combination across geographic regions and undergo
geochemical cycling, and thus, are never created nor destroyed. In the crust, these heavy
metals exist as their ores in various chemical forms, and they are recovered by mineral
processing operations (Peplow, 1999). Additionally, some heavy metals, such as cobalt
(Co), copper (Cu), zinc (Zn) and manganese (Mn) are trace elements because they benefit
the growth and development of living organisms at low concentrations. Some of these
trace elements like zinc (Zn) and copper (Cu) are cofactors and activators of specific
enzymatic reactions (Mildvan, 1970) and are involved in processes like redox reactions,
electron transfer and nucleic acid metabolism (Sharma & Agrawal, 2005). Even though
certain heavy metals can have biologically beneficial properties to the organism, if not
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maintained within limited concentrations, they can result in toxicity (Fosmire, 1990;
Nolan, 2003).
Heavy metals such as Hg, Cd, As, and Pb, have no such biologically beneficial
properties for humans, and intake of any of these even at low concentrations is highly
detrimental and potentially fatal (Holum, 1983; Fosmire, 1990). Still, these heavy metals,
among others, are introduced into the environment through anthropogenic sources such as
mining and smelting operations, agricultural use of metals and metal containing
compounds, and coal burning in power plants (Nriagu 1989; Fergusson, 1990; He 2005).
In addition, other sources of human exposure to heavy metals are due to their increased
use in pharmaceutical applications (Bradl, 2002).
Hg contamination poses serious health threats due to environmental or
occupational exposure and is ranked the third most toxic element to human health by the
United States Government Agency for Toxic Substances and Disease Registry (ATSDR)
(Budnik & Casteleyn, 2018). Mercury is found naturally in trace amounts in igneous
rocks and can exist in numerous forms including elemental mercury (Hg0), inorganic
mercury (Hg2+), and organic compounds such as methylmercury (MeHg) and ethyl
mercury. Mercury is a heavy metal that is also a dangerous neurotoxin and is commonly
introduced into the environment by natural sources such as volcanic emissions (in the
form of elemental mercury) (Nriagu & Becker, 2003), degassing from soils, rock
weathering and emissions from the ocean (Pirrone et al., 2001), and deposits of the red
mineral cinnabar (HgS) (Budnik & Casteleyn, 2018). Anthropogenic sources of mercury
include power plants, smelters, incinerators, cement plants, chemical plants (Pirrone et
al., 2010), coal burning plants (Pacyna et al., 2006) and gold mining activities (Lacerda,
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1995; Veiga et al., 2006). Due to the complex nature of the biogeochemical Hg cycle, it is
difficult to correctly determine an accurate extent of human health and environmental
risks and point sources are not always identifiable nor solely responsible (Eagles-Smith et
al., 2018). Regardless of the anthropogenic or natural source, once mercury is emitted
into the atmosphere, it can be deposited into aqueous environments by wet and dry
depositions and are re-volatilized to the atmosphere (Kim et al., 2012; Dittman et al. 2010
Demers et al. 2007, and Filippelli et al., 2012).
Although there are numerous sources of mercury contamination, the foremost
source is due to artisanal and small-scale gold mining. Artisanal and small-scale gold
mining produces less than 1000,000 tons of gold per year for profit and does not follow
conventional ecological and engineering principles of mining and instead uses
rudimentary techniques for mineral extraction (Seccatore et al., 2014). This form of
mining is responsible for 17% - 20% of official gold production in the world and around
380-450 tons of gold are produces annually using this method by around 16 million
artisanal miners worldwide (U.S Geological Survey 2013, Seccatore et al., 2014).
Artisanal and small-scale gold mining is practiced worldwide and is estimated to
contribute 1608 tons of Hg to the environment yearly, and thus affects countries across
the spatial and socio-economic spectrum (Veiga et al., 2014). The distribution and
concentration of mercury pollution across the world is visualized in Figure 1.
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Figure 1. Annual global total Hg distribution and deposition in 2013. The different colors
represent their corresponding concentrations of Hg (Source: UNEP, 2013).
Artisanal and small-scale gold miners use mercury to extract gold from gold
bearing ore via amalgamation. Although this process regularly exposes both the miner
and the environment to mercury, the process is still immensely popular and widely used
because mercury is relatively inexpensive and readily accessible through both legal and
illegal channels (Spiegel et al., 2006). The popularity of mining with mercury is
problematic because, while the mining operation may only last 15 years, studies indicate
metal contamination can persist in the mining area and surrounding environment for
hundreds of years (Duruibe et al., 2007). However, mercury use in gold mining is by far
not a novel practice. In fact, mercury use in mining has been employed since 2700 B.C.E
by the Phoenicians and Carthaginians in Spain. There, the practice became well known
due to the Romans in 50 C.E, although the use of mercury was eventually banned by the
Romans, likely due to a health crisis caused by the use mercury (Lacerda 1997;
Salomons, 1998, Rojas et al. 2001). The use of mercury in gold mining is so ubiquitous it
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has been speculated that without mercury, it is likely there would not have been any gold
rushes at all (Nriagu & Wong, 1997).
Mercury contamination due to mining activities is globally perfuse and occurs in
many countries. For example, certain villages in China known to be historical mining
sites exhibit high Hg concentrations in their soils and vegetables that surpass tolerance
limits and thus places the local population at increased risk of mercury poisoning (Qui, et
al., 2008). Also, in North America, more specifically California, mercury has been used
extensively in the extraction of gold from alluvial deposits as late as the 1960s, and fish
from the Bear-Yuba watershed for example, display high levels of Hg (Church et al.,
2005). A large amount (~260, 000 tons) of mercury was released into the biosphere due
to mining activities across the world. Current increases in the price of gold as well as
worsening socioeconomic conditions in many developing countries, including South
America, have resulted in the growth artisanal and small-scale mining, which involves
more10-19 million people of which 4-5 million are women and children (Eisler, 2004;
Esdaile & Chalker, 2018). Impacts from placer gold mining operations in rivers of the
Amazon and Suriname have resulted in habitat transformation, consequently shifting fish
diversity and community composition (Miller et al. 2003; Mol & Ouboter 2004; Barbieri
& Gardon 2009; Brosse et al. 2011). Miners expel and estimated 80 tons of mercury
across the Guianas each year (Legg et al., 2015) in the northeast region of South America
known as the Guiana Shield. The Guiana Shield has a surface are of nearly 900,000 Km2
and most was formed during prolonged periods of powerful magmatism and
metamorphism, and is considered Precambrian terrane (Voicu et al., 2001). The Guiana
Shield spans across multiple countries including Guyana, Suriname, and French Guiana
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and contains vast deposits of gold which are currently and have historically been mined
by artisanal and small-scale gold miners as seen in Figure 2. In the underpopulated areas
of the Guianas, artisanal and small-scale mining is the most available form of
employment and has been for more than 30 years (Smith et al., 2017).

Figure 2. Map depicting areas across the Guiana Shield that are impacted by gold mining
(in red) and greenstone areas (in green). Guyana is emphasized in yellow (Adapted from
Dezécache et al., 2017).
The rivers within the Guiana Shield are highly diverse, containing the highest
concentration of freshwater biodiversity in the world (Reis & Albert. 2011). The
mercury emission from mining not only puts the vast biodiversity and high species
endemism of the area at risk for mercury toxicity, but also the local human populations.
Guyana, a small English country located on the Northeastern shoulder of South America,
has a long history of gold mining, and recent escalation in gold extraction has led to a
trend of increased deforestation and increased pollution of freshwater ecosystems (Miller
et al., 2003). This small country has an area around 83,000 square miles, a population
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size estimated to be 742,000, and an economy heavily dependent on natural resource
extraction (Cantebury, 2016). In fact, gold is Guyana’s biggest export, accounting for
around 37% of exports, which is more than sugar and rice combined (Guyana Bureau of
Statistics, 2010). With gold extraction being so vital to the health of the economy, it is
improbable this destructive trend will cease. Due to the continuing rising price of gold,
and gold mining itself being Guyana’s second largest GDP component, artisanal and
small-scale gold mining will continue to be a threat to human health and biodiversity
unless appropriate action is taken (Rahm et al., 2015). Although Guyana’s National
Development Strategy (NDS) states that the country’s plans for development should be
guided by strict environmental considerations, the regulation of the growing gold mining
industry has been lenient, and gold mining activities have caused waste pollution, river
contamination through cyanide and mercury, soil erosion, deforestation, and destruction
of wildlife (Roopnarine, 2002). Thus far, there are two main gold mining practices in this
region, both of which are harmful: primary gold mining and alluvial gold mining.
Primary gold mining involves clearing the vegetation at the site to be mined and blasting
the gold bearing rock with explosives, or targeting it with high power water pumps, to
create a gold containing slurry that is pumped into sluice boxes via gravel pumps
(Clifford, 2001). This type of mining is also referred to as “land dredging” or
“hydraulicking”. Alluvial gold mining involves the use of large dredges (floating
platforms) that are undertaken by individuals (miners) to dig and sift particles through
sediments or sand using a sieve or the miner own hands. This form of mining was
extremely popular, and its use peaked during the 1980’s and 1990’s, but since then has
begun to decline due to widespread exhaustion of gold deposits. However, alluvial
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mining is still practiced Clifford, 2011). The dredges used in alluvial mining are equipped
with rotating drums and pumps that uptake the riverbed material, which consists of a sand
cement mixer housing the gold containing sediments; the resulting mercury containing
tailings end up returning to the river (Balzino et al., 2015). The resulting mercury-gold
amalgam consists of 60% Au and 40% Hg; thus, the remaining mercury must be removed
from the mercury-gold amalgam (Veiga et al., 2013). To do this, the amalgam is burned
in a furnace which results in the release of dangerous mercury vapors to the atmosphere
around burning sites (Balzino et al., 2015). This method is often inefficient, and the use
of mercury is hazardous to the health of the miners and nearby populations of people, and
results in mercury contamination of both aquatic and atmospheric environments. Dredges
are very important for the expansion of small-scale mining operations in Guyana, and
subsequently the number of dredges working Guyana’s rivers has doubled from 2004 to
2008; and around 900 new dredges were added to the rivers at the end of 2008 (Thomas,
2009).
There are two forms of mercury that are relevant in these instances. The first
form, inorganic mercury, is the result of the oxidation of elemental mercury that is used
for amalgamation purposes in the mining process and subsequently released into the
water bodies after amalgamation. Once in the lotic system, the inorganic mercury is then
available to be methylated by microbes, and subsequently becomes methylmercury
(MeHg) which is the species of mercury that is readily adsorbed by plants,
microorganisms, soil microorganisms, and fauna (Garcia-Sanchez & Szakova 2016). This
is important because the chemical speciation of mercury directly influences its mobility
and toxicity. MeHg is the speciation of the most concern because once it enters the
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aquatic ecosystems it bioaccumulates and biomagnifies through each trophic level of the
aquatic food web, with higher concentrations in fishes and humans (Hall et al. 1997;
Barbosa et al. 2003; Chumchal et al. 2008; Barbieri & Gardon 2009). Bioaccumulation
occurs when the concentration of a substance in an organism increases over time, while
biomagnification occurs when the concentration of a substance increases with each
subsequent trophic level (Pouilly et al., 2013). Metal mercury, the inorganic form of
mercury, is considered less toxic and does not bioaccumulate, while MeHg is of major
concern because it bioaccumulates and is extremely neurotoxic. MeHg can
bioaccumulate in fishes because it binds to the amino acids in fish muscle, which cannot
be removed through cooking techniques, leading to subsequent bioaccumulation in the
organisms consuming the contaminated fish (Morgan et al., 1997). Because of the ability
of MeHg to bioaccumulate and biomagnify through aquatic food webs, populations
whose main protein source is fish are at increased risk of MeHg exposure. Therefore, the
predominant exposure of MeHg to humans is through the consumption of seafood. One
of the reasons this route of exposure is cause for concern is because it is estimated 400
million women of reproductive age across the world depend on seafood for at least 20%
of their animal protein intake, and MeHg exposure to developing fetuses can cause brain
and nervous system damage (Grandjean et al., 1997; Clarkson et al., 2006). An infamous
example of the extensive damage mercury contamination can cause is the health crisis
that occurred in Minamata Bay, Japan, during the 1950s and 1960s. There, a chemical
company named Chisso systematically released mercury effluent into the bay that was
commonly used for fishing. After bioaccumulation and biomagnification, this led to
severe MeHg poisoning via the consumption of contaminated seafood in the bay. It
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caused the local population to develop what is now known as “Minamata disease”, a
disease named after this incident and characterized by symptoms such as paresthesia,
ataxia, dysarthria, and children (that were exposed in utero) born with debilitating
conditions (Yorifuji et al., 2017). This has not been the last incidence of large-scale
mercury contamination resulting in MeHg poisoning. In subsistence fishing populations,
specifically in the Amazon, incidence of mild mental retardation has been studied and
recorded as 17.4 cases per 1000 babies (Poulin & Gibb, 2008). A study assessing the Hg
levels of one at-risk population, the indigenous Wayana of southeast Suriname, is an
example of the negative impact of mercury contamination on human health. When Hg
levels of the Wayana were measured, they were found to be significantly higher than the
World Health Organization limit (0.5 mg Hg/kg), and neurotoxic effects were observed
(Peplow, 2014). In Guyana, it is estimated that the environmental contamination from
gold mining places 750,000 inhabitants, including 40,000 interior Amerindians, at direct
risk, for many directly depend on the environment for food and living (Roopnarine,
2002). The soluble nature of MeHg is part of what makes it so dangerous to human
health. Once in the organism, the MeHg is free to combine with L-type cysteine to create
L-cysteine-methylmercury conjugates that can be distributed to all tissues, including the
brain, because methylmercury conjugates are regarded akin to the L-type neutral amino
acid, methionine (Sakamoto et al., 2018). This means MeHg could accumulate in the
kidney, liver, and brain in addition to other tissues, resulting in symptoms such as ataxia,
tremors, blindness, pulmonary edema, nervous system disease, kidney damage and brain
damage (Tchounwou et al., 2012; Ayangbenro & Babalola, 2017). The MeHg that
crossed the blood brain barrier will, after time, be metabolized to mercuric Hg which can

11
evoke immunological reactions, leading to further health complications (Bjorklund et al.,
2017). Other health effects of MeHg exposure include cardiovascular atherosclerosis,
myocardial infarction, heart rate variability and hypertension (Guallar et al., 2002;
Buchanan et al., 2015). Further studies have demonstrated a correlation between MeHg
exposure and increased risk of neuro developmental disorders such as ASD, ADHD, and
altered language/speech skills (Landrigan et al., 2002). Globally, all diseases caused after
mercury pollution are a large portion of pollution-related diseases, which cause millions
of premature deaths (Steckling et al., 2017). In summary, mercury pollution due to
artisanal and small-scale gold mining is extensive and has serious impacts on
environmental and human health.
Therefore, it is important to study the microbial methylation of mercury because
of its implications on human health. Inorganic mercury is most commonly methylated via
anaerobic microbes such as sulfate reducing bacteria (SRB) and iron reducing bacteria
(IRB) in soil sediments and bottom waters under anoxic environments (Gilmour et al.,
1992; Kerrin et al., 2006). However, it is important to note that the ability to methylate
Hg is not ubiquitous among SRB and IRB (Kerrin et al., 2006). SRB are a physiological
group of bacteria that consist of around 220 genera and are distributed among diverse
phylogenetic groups such as 𝛿𝛿-proteobacteria, Firmicutes, and Archaea (Castro et al.,
2000; Barton and Fauque, 2009). SRB are characterized as bacteria that can reduce

sulfate to hydrogen sulfide (Widdel, 1988). IRB couple the oxidation of H2 or organic
substrates to the reduction of ferric iron (Fredrickson and Gorby, 1996). Members of
SRB such as Desulfovibrio desulphuricans and IRB such as Geobacter sulphurreducens
methylate inorganic mercury. Bacterial mercury methylation appears to be linked to the
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Acetyl-CoA pathway (possibly by this pathway supplying the methyl group to Hg
methylating enzymes (Berman et al., 1990) although it has been found that some SRB do
not use the Acetyl-CoA pathway for mercury methylation (Ekstrom et al., 2003).
However, the bacterial genes involved in production of MeHg have recently been
identified. These genes, hgcA and hgcB, encode a corrinoid dependent protein and an
associated ferredoxin protein, respectively, and have been detected in species additional
to SRB and IRB, such as methanogenic, acetogenic, and cellulolytic microbes (Gilmour
et al., 2013). It is suggested that hgcA encodes the corrinoid protein (HgcA) that donates
a methyl group to Hg (II) and also has a transmembrane domain that could be involved
with the uptake of Hg (II) and or the release of MeHg from the cell (Lin et al., 2014; Date
et al., 2019). hgcB encodes the iron-sulfur cluster protein (HgcB) which is proposed to
provide electrons to the cobalt ion of HgcA, which is important to maintain the cycle of
methylation (Smith et al., 2015). More specifically, using density functional theory
calculations with a model of HgcA has demonstrated that there is a strictly conserved
cysteine (Cys) residue that coordinates to Co (III) which enables methyl radical and
methyl carbanion transfers to inorganic mercury substrates (Zhou et al., 2013). More
precisely, site-directed mutagenesis of hgcA and hgcB provided further evidence the
amino acid residue Cys93 in HgcA is necessary for mercury methylation and is the
proposed ligand to the corrinoid cobalt (Smith et al., 2015). It has been found that uptake
of mercury by SRB and IRB can occur via passive or active transport processes or by a
combination of both, whereas organisms with the mercury resistance (mer) operon that
reduces inorganic mercury to elemental mercury, exports the elemental mercury by
simple diffusion (Hsu-Kim et al., 2013). When one or both genes were deleted in
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Desulfovibrio desulphuricans or Geobacter sulphurreducens PCA, it resulted in both
organisms losing their mercury methylation ability (Parks et al., 2013). In a recent metaanalysis, this gene pair was used to examine the distribution and diversity of Hg
methylating microbes across various environments including soils, wetlands, marine
waters and soil sediments (Podar et al., 2015). The results support that the gene pair is
found in almost every anaerobic environment, except gut microbiomes of invertebrates.
In fact, several species found with the hgcAB gene pair have been found in novel
environments including methanogenic habitats (rice paddies for example) the animal gut,
and environments with extreme pH and salinity (Gilmour et al., 2013). In addition to the
hgcAB gene pair being found in the class δ -Proteobacteria within the phylum
proteobacteria of SRB and IRB, it was also found within the phylum Firmicutes
(Clostridia), and in Methanomicrobia within the phylum Euryarchaeota (Gilmour et al.,
2013; Yu et al., 2013; Bae et al., 2014; Podar et al., 2015; Christensen et al., 2016). Due
to the phylogenetically uneven distribution of Hg methylators with the hgcAB gene pair,
it is likely that horizontal gene transfers (HGT) have occurred (Ranchou-Peyruse et al.,
2009; Podar et al., 2015; Date et al., 2019). Bacteria with hgcAB genes are not solely of
interest since bacteria do not exist as solitary entities, but instead constitute a bacterial
community in which members cooperate with one another to manifest specific metabolic
processes. For example, studies have shown that certain soil bacteria work synergistically
to degrade plant biomass (Zhou et al., 2014). It is expected that there is some synergistic
component in the microbiome of rivers affected by gold mining processes to methylate
mercury. This expectation is supported by a study that determined when Desulfovibrio
desulfuricans and Methanococcus maripaludis were grown together on a sulfate-free

14
lactate medium, mercury methylation occurred; however, MeHg was absent when the
bacteria were grown individually (Pak & Bartha, 1998). This suggests the presence of
more than one species of bacteria may be necessary to work in conjunction with another
to methylate mercury. Subsequently, it is likely that members of the highly diverse
bacterial communities of mercury contaminated neotropical rivers will cooperate to
methylate mercury. It is possible and hypothesized that this mercury methylation could
decrease inorganic mercury exposure to microbial communities (assuming that under
certain conditions MeHg is less toxic than the elemental mercury substrate) (Regnell &
Watrass, 2018). Microorganisms possess the ability to demethylate as well as methylate
mercury, and both oxidative and reductive demethylation pathways have been identified
(Oremland et al., 1991). Because oxidative demethylation is mediated by anaerobic
bacteria, it is possible that in the same anaerobic environment both methylation and
demethylation of elemental mercury could be occurring (Barkay & Poulain, 2007). Past
research on the sediment microbiome of heavy metal contaminated rivers has indicated
that the microbiomes acquired resistance to long term heavy metal pollution, and that
genes involved with heavy-metal resistance and DNA repair were present and
upregulated (Cabral et al., 2016; Chen et al., 2018). It is possible that this is true of
microbiomes existing in mercury contaminated alluvial sediments, but further research is
needed to identify what conditions favor and disfavor the abundance of bacteria that have
the hgcAB gene pair at heavy metal contaminated sites.
Because of the potential adverse impact on human health, it is critical that the
impacts of mercury contamination of aquatic food webs be elucidated. Thus far, few
studies have been conducted in neotropical regions that examine MeHg introduction to
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lotic aquatic food webs via microbial activity because the complex nature of hydrological
dynamics of these systems makes predicting MeHg formation and bioaccumulation
challenging. However, in Guyana, due to the bioaccumulation of mercury in fish and in
fish consuming locals, this type of research is particularly relevant, applicable, and
necessary. The following hypotheses will be tested using data collected from the
Mazaruni River, Guyana, in South America.
Hypothesis 1. Several physiochemical and habitat characteristics will be
significantly different between gold mined and non-mined sites
Hypothesis 2. The concentrations of gold (Au), arsenic (As), and sulfur (S) in
sediments will be significantly different between gold mined and non-mined sites.
Hypothesis 3. The concentration of mercury (Hg) and methyl mercury (MeHg) in
sediments at gold mined sites will be higher than at non-mined sites.
Hypothesis 4. The composition of microbiome structure will be significantly
different between gold mined and non-mined sites.
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CHAPTER II
Methods
Study site and sample collection
Study site. The Mazaruni River in Guyana (South America) was chosen as the
study site because previous and more current literature suggest that heavy gold mining
operations have been performed there (Alofs et al., 2014). Furthermore, studies
conducted by Miller et al. (2003) suggest anthropogenic sources like gold mining
activities are the cause of a majority of Hg contamination found in alluvial sediment
deposits within the Mazaruni River basin.
Collection of water and soil samples. A total 81 soil sediment and water samples
were collected from 27 sites in December 2017, as shown in Figure 3, along the
tributaries and main channel of the Mazaruni River. These 27 sites included 17 active
gold mining (mined) and 10 non-mining (non-mined) sites. Geographic coordinates of the
27 sites are provided in Appendix A. Three replicates were independently collected from
each site and designated as replicates, A, B, and C. Soil sediment samples were collected
from the river bed by extracting the sediments approximately 10 cm deep from the
surface, after which they were placed into a Ziploc bag and stored temporarily in a cooler
(±10°C) prior to its transportation to the cold room (4°C) at the laboratory at Sam
Houston State University (SHSU). The concentrations of gold, arsenic, sulfur, and
mercury were determined for all 81 samples. However, due to the costs of methylmercury
and microbiome analyses, 15 samples from only five sites, as shown in Figure 4, were
examined for the concentration of MeHg and microbiome analysis. Geographic
coordinates for the 5 selected sites are provided in Appendix B.

Figure 3. Map showing the locations of 27 sample collection sites along the tributaries and main channel of the Mazaruni River in
Guyana, South America. Gold mined, and non-mined sites are denoted in red and green triangles, respectively.
17
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Figure 4. Map showing locations of five selected sites along the tributaries and main channel of the Mazaruni River in Guyana, South
America. Gold mined, and non-mined sites are denoted as red and green triangles, respectively. Samples from these five sites were
analyzed for methylated mercury and microbiome analyses.
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Physical (depth, water temperature, turbidity, total dissolved solids, silt, sand, pebbles,
gravel, cobbles, rocks, and riptides), chemical (pH, electric conductivity, dissolved
oxygen), and biotic/habitat (percentage distribution of trees, shrubs, grass, macrophytes,
leaf litter, woody debris) parameters were recorded at each site.
Elemental analysis
Inductively coupled plasma optical emission spectroscopy (ICP-OES).
Elemental analysis of the soil samples was conducted at the Texas Research Institute for
Environmental Studies (TRIES) at SHSU. The concentration of Arsenic (As), Iron (Fe)
and Gold (Au) was determined by using Inductively Coupled Plasma Optical Emission
Spectroscopy (ICP-OES). First, 20 g of each sample was dried at 65°C for three days.
Each 0.5 g dried sample was loaded into a 50 mL digitube containing 2.5 mL of HNO3
and 2.5 ml of H20. The tube was then heated at 95°C for 10 minutes. Next, 2.5 mL of
more HNO3 was added to each tube, and then these tubes were heated for two hours at
95°C. Samples were then kept at room temperature to cool, and 50 mL of deionized water
was further added to these tubes. The tubes were then capped and inverted to mix for the
digestion. Samples were loaded into the sampling rack of the machine for analysis.
Standards for each of these elements were also prepared with the following concentration
range 0.0. 1, 10, 100, 1000 µg/mL.
Multiple isotope ratio analysis using dynamic flash combustion. The FLASH
EA 2000 Organic Elemental Analyzer was used to determine the concentration of Sulfur
(S). Fifteen mg of each dried soil sample was placed into a tin capsule. Sulfur is usually
present in soils as sulfate ions; for this reason, 5 mg of vanadium pentoxide (V2O5) was
added to each capsule to completely convert inorganic sulfur to sulfur dioxide. These
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capsules were then loaded into the FLASH EA 2000 Organic Elemental Analyzer. This
system individually drops capsules into a superheated reactor where flash combustion
causes a conversion of the sample into elemental gases, which was then registered by a
thermal conductivity detector.
Mercury analysis using cold vapor atomic absorption spectroscopy
(CVAAS). To determine the concentration of total mercury in the soil samples, cold
vapor atomic absorption spectroscopy was performed using the Millennium Merlin
Mercury Analyzer. Samples were prepared using 1g of each dried sample in a 50 mL
digitube. Next, 16 mL of aqua regia (3:1 ratio of HCl and HNO3) was added to each tube
and refluxed for 10 minutes at 95°C. After allowing the samples to cool, the samples
were filtered. The filtrate was transferred to falcon tubes where it was then diluted to 25
mL using water. After dilution, 3 mL of KBrO3/KBr and 2.5 mL of HCl were added to
each tube, and the samples were allowed to digest for 15 minutes. After digestion, 100
µL of ClH4NO (Hydroxylamine hydrochloride) was added, and the tubes were capped
and inverted to mix a few times. Afterwards, the samples were loaded into the Merlin
Mercury Analyzer. The Merlin Analyzer determines the concentration of total mercury of
the sample by pumping or injecting the sample and 2% stannous chloride (SnCl2) into a
gas liquid separator. There, argon gas is added to the released mercury vapor. The
mercury vapor is then carried by the argon gas to an atomic absorption optical cell where
the mercury absorbs light at 253.7 nm in logarithmic proportion to the concentration of
mercury in the sample (EPA, 1994). From this, the detector measures the total mercury
concentration of each sample.
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Methyl mercury analysis using gas chromatography cold vapor atomic
fluorescence spectroscopy (GC-CVAFS). Extracted sediment samples were analyzed
for methyl mercury using GC-CVAFS at Brooks Applied Labs in Seattle, Washington.
Samples were extracted using methods as previously described (Bloom et al., 1997).
First, 2.5 g of each sediment sample was placed into individual centrifuge tubes, and then
potassium bromide (KBr), copper sulfate (CuSO4), and methylene chloride (CH2Cl2)
were added sequentially. KBr and CuSO4 are used to free the organic mercury species
from inorganic complexes in the sediment samples. The mixtures were kept at room
temperature for an hour for the reaction to occur. Then, the centrifuge tubes were shaken
using a lab shaker for an hour to completely extract any MeHg present. Afterwards the
samples were centrifuged at 3000 rpm for 20 minutes to break any emulsion that could
have formed. Two mL of the CH2Cl2 from each centrifuge tube was pipetted into its
corresponding Teflon back-extraction vial which contained 10 mL of water. These vials
were kept in a heating block until all CH2Cl2 evaporated and the MeHg back-extracted
into the reagent water. The extract from each sample was then buffered to pH 4.9 and
ethylated by adding sodium tetraethyl borate (C8H20BNa); then, deionized water was
added. The vials were capped and briefly shaken. Next, the extract was purged with
nitrogen gas for 20 minutes and the ethylated Hg species were collected using a sample
trap containing carbotrap. The ethylated Hg species were desorbed thermally from the
sample trapes and separated using a gas chromatographic (GC) column, and then reduced
using a pyrolytic column. The prepared samples were then loaded into the Brooks Rand
Model III cold vapor atomic fluorescence spectrophotometer to determine the MeHg
concentration.

22
Microbiome analysis
Microbiome analysis consisted of five steps; microbial genomic DNA extraction
and purification, PCR amplification of 16S V3 & V4 regions (Figure 5), product
purification, library preparation, and sequencing using Illumina MiSeq (Figure 6). The
metagenomic sequencing was performed at LC Sciences, Houston. TX.

Figure 5. A schematic diagram of the 16S rRNA gene. The hypervariable regions 3 (V3)
and 4 (V4) are highlighted (in red). These regions were amplified, and subsequently
sequenced.

Figure 6. Workflow diagram depicting the steps for metagenomic sequencing.
DNA extraction. Microbial DNA extraction was performed using the Norgen
Biotek Soil DNA Isolation Plus kit #64000. First, 250 mg of each sediment sample was
added to Bead Tubes and 750 µL of Lysis Buffer G was added. The tubes were then
vortexed briefly to mix. Next, 200 µL of Lysis Additive A was added to the tubes, and
they were briefly vortexed to mix. The tubes were centrifuged for 1 minute at 14,000
RPM to pellet the protein and soil particles. The clean supernatant was transferred to a
DNase-free microcentrifuge tube. Then, 100 µL of Binding Buffer was added to the
tubes, the tubes were inverted a few times, and then tubes were kept on ice for 5 minutes.
The samples were then spun at 14,000 RPM for two minutes to pellet any remaining
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protein and soil particles. Next, 700 µL of supernatant was transferred into a DNase-free
microcentrifuge tube where 50 µL of OSR (Organic Substance Removal) solution was
added to mix with the supernatant. The samples were then incubated on ice for 5 minutes,
and then the lysate was spun for 2 minutes at 14,000 RPM. Then, 700 µL of cleaned
supernatant was transferred to a DNase-free microcentrifuge tube, where 400 µL of Lysis
Buffer QP and 550 µL of 96-100% ethanol was sequentially added. The samples were
then vortexed briefly. The lysate was gently mixed with Lysis Buffer QP using a pipette,
and then 600 µL of the mixed lysate was applied to the spin column and was placed in an
empty centrifuge tube. The tubes along with the spin columns were centrifuged at 10,000
rpm for 30 seconds. The spin column was disassembled to discard the flow through and
was then reassembled with the new collection tube. The process beginning with the
addition and mixing of Lysis Buffer QP was then repeated with the remaining lysate. In
order to wash the column, 500 µL of Binding Buffer B was added to the column and then
centrifuged for 1 minute at 10,000 rpm. Care was taken to inspect the column for any
remaining solution; if there was, the tube was spun for an additional minute. The flow
through was discarded, 500 µL of Wash Solution A was added to the spin column, and
the tube was then spun again for 1 minute at 10,000 rpm. The flow through was discarded
and the process of additional washing with Wash Solution A was repeated. Then, the
columns were spun for 2 additional minutes at 14,000 rpm to dry the resin. The collection
tube was discarded, and the column was placed into a 1.7 Elution tube where 100 µL of
Elution Buffer B was added to the column. The column was placed in a new centrifuge
tube and incubated for 1 minute at room temperature. The tubes were then spun in a
centrifuge for 1 minute at 10,000 rpm. The purified genomic DNA was stored at 2 °C.
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PCR amplification. The two following primers, 338F
(ACTCCTACGGGAGGCAGCAG) and 806R (GGACTACHVGGGTWTCTAAT), were
used to amplify the V3 and V4 regions of the 16S rDNA regions. The expected size of
the amplicons was approximately 469 bp in length with some variability among differing
species. PCR tubes contained 12.5 µL Pusion Hot start flex 2x Master Mix, 2.5 µL
Forward Primer, 2.5 µL Reverse primer, 50 ng template DNA, and 25 µL of deionized
water. Polymerase chain reaction was performed with an initial denaturing step at 98°C
for 30 sec, and then for 35 cycles of amplification, each cycle consisted of denaturing at
98°C for 10 sec, annealing at 54°C for 30 sec, and extension for 72°C for 45 sec. After
the first round of PCR, sequencing adapters and barcodes were added to the reaction tube
for further amplification. After 35 cycles, the final extension step was at 72°C for 10
minutes. The reaction tubes were kept at 4°C for storage.
PCR Product purification. Once PCR was completed, the amplified products
were confirmed using a 2% agarose gel electrophoresis. The target fragments were
recovered using the AxyPrep PCR Cleanup Kit, targeting fragment sizes from 200-450
bases. To do this, 18 µL of AxyPrep Mag PCR clean-up per 10 µL of PCR product was
used for binding DNA to Magnetic beads. The beads were then washed twice with 70%
ethanol to remove salt and other contaminants. The purified PCR products were eluted
from the Magnetic beads to a new tube. The PCR products were then further purified
using the Quant-iT PicoGreen dsDNA Assay Kit. The newly created libraries were
quantified using a Promega QuantiFluor fluorescence quantification system. To do this,
first a blank was prepared by adding 200 µL of QuantiFluor dsDNA Dye solution to an
empty 0.5 mL PCR tube and the standard was prepared by adding 2 µL of DNA standard
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(100 ng/µL) to 200 µL of QuantiFlour dsDNA Dye solution to empty 0.5 mL PCR tube
that was then vortexed well. The samples were prepared by adding 1-20 µL of sample to
200 µL of QuantiFlour dsDNA Dye solution. All tubes were incubated at room
temperature for 5 minutes, protected from light, then loaded into the Quantus
Fluorometer. The concentration of DNA per sample was then determined. Concentrations
above 2 nM were considered qualified and selected for further library preparation.
MiSeq sequencing. The qualified libraries were prepared for cluster generation
and sequencing by pooling the libraries. Fully prepared libraries were then loaded into the
MiSeq flow cell where clusters would be generated via isothermal cluster generation and
sequencing would be performed by the pair-end synthesis method.
Sequence analysis. All raw sequences were analyzed and processed using
QIIME2 2018.11 software. QIIME (Quantitative Insights into Microbial Ecology) is a
software that conducts microbial community analysis. The following workflow was
followed as shown in Figure 7. First, the raw sequence FASTA data was imported to
QIIME2. Then the multiplexed data was demultiplexed using the q2-cutadapt plugin. In
the demultiplexing process, the unique barcode sequences added during the second round
of amplification are used to identify which sequences hailed from which sample. After
this process, two files are generated for each site, one for the forward and one for the
reverse read. The q2-cutadapt plugin was also used to remove the adapter and barcode
sequences. After trimming, the plugin FLASH (Fast Length Adjustment of Short Reads)
was used to merge the paired end reads into one continuous sequence tag. The sequences
were then inspected for length distribution and Phred quality score. The q2-quality-filter

26

Figure 7. Workflow diagram depicting the steps used with QIIME2 to analyze the 16S
sequencing data.
plugin was used to remove low quality and ambiguous reads. Chimeric sequences were
removed using the q2 Vsearch plugin. Once the sequences were demultiplexed, denoised,
and quality-filtered, OTU (operational taxonomic unit) clustering was performed using
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the q2-Vsearch plugin, which employs a heuristic centroid-based algorithm to cluster the
sequences. The sequence similarity threshold was assigned as 0.97 with the identity (id).
This groups the sequences into OTUs based on 97% sequence similarity. The input
sequences were processed, and each input sequence was used as a query, then clustered
with sequences that had a similarity of 97% or higher. This heuristic approach finds the
most similar sequence first, and if no match is found to the sequence being queried, that
sequence becomes the centroid of a new cluster (Rognes et al., 2016). The results of OTU
clustering is a feature table, which is a matrix that shows the representative sequence
from each OTU, as well as an OTU table, which depicts the abundance of each OTU per
sample. Afterwards, the obtained OTUs were assigned taxonomy by using the q2-featureclassifier, which is a Naïve Bayesian classifier implemented in QIIME2. The classifier is
trained with a database of known rRNA sequences (SILVA rRNA database, containing
2,090,668 16s rRNA sequences) and their taxonomic assignment from domain to genus
level. The classifier then divides the sequences into words consisting of 8 base-pairs and
counts how many times each word occurred in each taxonomic group. Then, assuming
independent probabilities for each word, the classifier uses Bayes’ Theorem to calculate
the probability that an OTU belongs to each taxonomic group in the training database.
After calculating all probabilities, the taxonomic assignment with the highest posterior
probability is chosen. The classifier also provides a confidence level for each assignment
by taking each OTU representative sequence, dividing it into eight subsequences and
attempting classification with this truncated sequence. This gives a bootstrap support
value for each taxonomic assignment.
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Statistical Analysis. Comparisons between mined and non-mined sites for
physical, chemical, and habitat characteristics were made using the Mann-Whitney U-test
for independent samples. Additionally, comparisons between mined and non-mined sites
for elemental analysis (Au, As, S, Hg and MeHg) were made using the Mann-Whitney U
test. Microbiome comparisons between mined and non-mined sites for phyla, families,
and genera were made using the Kruskal Wallis test. Additionally, comparisons between
the microbiomes at mined and non-mined sites were performed using the PERMANOVA
test. The statistical program (Past3) and QIIME2 were used for calculations.
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CHAPTER III
Results and Discussion
Differences in physical, chemical, and habitat characteristics
Physical characteristics. Analysis of measured physical characteristics of water
samples revealed a significant difference between certain physical parameters between
mined and non-mined sites. The averages of temperature, concentration of total dissolved
solids (TDS), and turbidity for all mined sites and all non-mined sites are shown in Figure
8 panel A, and the averages of temperature, concentration of total dissolved solids, and
turbidity for the selected sites are shown in Figure 8 panel B, respectively. The
temperature, turbidity, and concentration of total dissolved solids for all sites ranged from
27.1°C to 33°C, 11.5 to 111 nephelometric turbidity units (NTU), and 2.39 mg/L to 9.57
mg/L respectively. The temperature between all mined and all non-mined sites differed
significantly (p<0.01, Mann-Whitney U test), with significantly higher temperatures at
mined sites. The turbidity between all mined and all non-mined sites differed
significantly (p<0.05, Mann-Whitney U test), with significantly higher turbidity levels at
all mined sites. The concentration of total dissolved solids between all mined and all nonmined sites differed significantly (p<0.05, Mann-Whitney U test), with significantly
higher concentrations of total dissolved solids at non-mined sites. It is expected the small
sample size (n=15) influenced the statistical testing of the selected sites. Although the
temperature of the water was determined to be significantly higher at mined sites,
temperature of water can be affected by a range of factors including time of day and day
itself, vegetation cover, and altitude, thus making this characteristic an unreliable
indicator of mining activities. Yet, the observation of higher temperature at mined sites is
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Figure 8. Physical parameters that were significant at sampling sites (red= mined sites, green = non-mined sites). Figure 8A. Average
(±SD) temperature, total dissolved solids, and turbidity measurements for 17 mined and 10 non-mined sites (n=81). Figure 8B.
Average (±SD) temperature, total dissolved solids, and turbidity measurements for three selected mined and two non-mined sites
(n=15). Significant differences (p<0.05) were denoted by the p-value in the upper left corner.
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still important because higher temperatures have been associated with increased bacterial
mercury methylation rates (Ding et al., 2018).
Unlike temperature, turbidity is a promising indicator of mining status. Higher
turbidity has been documented at mined sites and historically mined sites by other studies
(Gray et al., 2002; Dedieu et al., 2014) and our turbidity data corroborates these findings.
Gold mining has been just as strongly associated with increased turbidity as it has been
with the release of heavy metals (Hammond et al., 2007; Yule et al., 2010). In addition to
releasing heavy metals and increasing turbidity, mining, and especially hydraulic mining,
releases massive loads of sediments into the water, and thus increases TDS
(Rakotondrabe, et al., 2018). It is important to note that the Guiana shield is characterized
by some of the lowest natural suspended solids recorded, and thus any increases in
turbidity from mining activities has profound effects (Hammond et al., 2007). For
example, past studies indicate turbidity affects stream productivity and species
interactions (Parkill & Gulliver, 2002; Izagirre et al., 2009). However, our results showed
higher TDS at non-mined sites. The higher concentrations of TDS at non-mined sites
could be associated to the geological formation and geomorphology of the location of the
non-mined sites, which were situated mostly in tributaries that have headwaters in high
elevations which can carry high suspended solids when moving down into the Mazaruni
River. It should also be noted that temperature, turbidity, and TDS also can change
seasonally (Battin, 1998). Streamflow regime can also control key parameters, including
but not limited to, temperature, along the four dimensions of river systems: upstreamdownstream, channel-hyporheic, channel-floodplain, and the temporal dimension (Ward,
1989; Amoros & Roux, 1998). In summary, temperature cannot be considered as an
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indicator of mining activity, whereas elevated turbidity and increased total dissolved
solids have been repeatedly associated with mining activities by other studies. The results
for all physical parameters for the 27 sites are given in Appendix C and the results for all
physical parameters for the five selected sites are given in Appendix D.
Chemical characteristics. Analysis of measured chemical characteristics of
water samples revealed a significant difference between certain chemical parameters
between mined and non-mined sites. The averages of electrical conductivity (EC), and
pH level for all mined sites and all non-mined sites are shown in Figure 9 panel A, and
the averages of electrical conductivity, and pH level for the selected sites are shown in
Figure 9 panel B, respectively. The electrical conductivity between all mined and all nonmined sites differed significantly (p<0.05, Mann-Whitney U test), with significantly
higher measures of electrical conductivity at non-mined sites. The pH between all mined
and all non-mined sites differed significantly (p<0.01, Mann- Whitney U test), with
significantly higher pH levels at mined sites. Electrical conductivity and pH did not differ
significantly between selected mined and non-mined sites, possibly due to statistical error
caused by small sample size.
Electrical conductivity measures the electrical conductance of water and
approximates the measure of total dissolved ions salts (Allan & Castillo, 2007). One
study that examined the geochemical properties of soil and water around the largest gold
mine in Cote d’Ivoire, Africa found that the highest electrical conductivity was in
samples collected near tailing storage facilities around the mined sites (Sako et al., 2018).
Another study, conducted in Poland, found that streams affected by gold mining activities
had the highest electrical conductivity, and the unaffected springs had the lowest

Figure 9. Chemical parameters that were significant at sampling sites (red = mined sites, green = non-mined sites). Figure 9A.
Average (±SD) electrical conductance and pH for 17 mined and 10 non-mined sites (n=81). Figure 9B. Average (±SD) electrical
conductivity and pH for three selected mined and two non-mined sites (n=15). Significant differences (p<0.05) were denoted by the pvalue in the upper left corner.
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(Marszalek & Wasik, 2000). However, our data showed lower EC at mined sites. It is
possible this could be due to the geology of the site itself because this determines what
minerals are dissolved into the lotic system and thus affects electrical conductivity
(Borner et al., 1993). In addition to the geology of the site, weather patterns also affect
the EC of river systems. For example, a study was conducted in the Iberian Pyrite Belt
which is a place that experiences conditions like Guyana in that there are dry and rainy
seasons and gold mining activities there are also polluting river systems with mercury. In
that study, it was observed that EC was higher in the dry season as opposed to the wet
season, and this was true of all sampling sites regardless of presence or absence of mining
activities (Sarmiento et al., 2012). It should be noted that the collection of the sediment
samples for this study took place during the dry season in Guyana. If there is high
mineral dissolution, higher conductivity will be exhibited. This could be a potential
explanation as to why non-mined sites exhibited significantly higher electrical
conductivity than did mined sites. Perhaps with further studies that sample over seasons
and day and night cycles, the electrical conductivity could be used as an indicator of
mining activity.
Acid mine drainage (AMD) is characterized by low pH (Peppas et al., 2000) and
is created by mining activities when sulfide-bearing material is exposed to oxygen and
water (Akcil & Koldas, 2006). Thus, lower pH was expected to be observed at mined
sites. Although our results show lower pH at non-mined sites, this is likely due to the
blackwater characteristics of the Mazaruni River. Blackwater rivers are typically teacolored or black due to high concentrations of dissolved organic matter and are acidic
(Duncan & Fernandes, 2010). Thus, the acidic pH found at non-mined sites may just
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reflect blackwater properties. Additionally, a similar study to ours which examined
mercury content and other physiochemical properties of sediment samples derived from
rivers in Guyana, found that the average pH values for mining areas was 6.6 ± 1.1 pH
units and ranged from 3.0-7.3 pH units (Howard et al., 2010). The average pH for our
mined areas was close but slightly more acidic than this with a pH of 5.54 ± 0.51.
Although our results did not support using pH as an indicator of mining activity, pH is
still an important characteristic to note because of its possible effects on mercury uptake
by bacteria and thus methylation rates. Kelly et al. 2003 found that increasing the
hydrogen ion (H+) concentration caused large increases in mercury uptake by aquatic
bacteria (Kelly et al., 2003). The results for all chemical parameters for the 27 sites are
given in Appendix C and the results for all chemical parameters for the five selected sites
are given in Appendix D.
Habitat characteristics. Habitat characteristics at sampling sites revealed a
significant difference between the mined sites and non-mined sites. The average
percentages of macrophytes for all mined sites and all non-mined sites are shown in
Figure 10 panel A, and the average percentages of macrophytes for the selected sites are
shown in Figure 10 panel B, respectively. The percentage of macrophytes between all
mined and non-mined sites differed significantly (p<0.01, Mann-Whitney U test), with a
significantly higher percentage of macrophytes present at non-mined sites. Dedieu et al.,
2015 assessed the impact of gold mining on biological factors of streams in the Amazon
and demonstrated that gold mined sites had more silt and less macrophytes than did nonmined streams. This corroborates our finding that there is a significantly lower
percentage of macrophytes at gold mined sites than non-mined. However, there are other
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natural factors that may affect macrophyte growth, such as light, sediment type and
texture, herbivory and flow rate of the stream (Allan & Castillo, 2007). Because of these
reasons and because percentage of macrophytes generally can vary tremendously among

Figure 10. Habitat parameter that was significant at sampling sites (red=mined sites,
green=non-mined sites). Figure 10A. Average (±SD) percentage macrophytes for 17
mined and 10 non-mined sites. Figure 10B. Average (±SD) percentage macrophytes for
three selected mined and two non-mined sites. Significant differences (p<0.05) were
denoted by the p-value in the upper left corner.
sites, thus smaller percentages of macrophytes should not be considered a reliable
indicator of mining activity. The results for all habitat parameters for the 27 sites are
given in Appendix C and the results for all habitat parameters for the five selected sites
are given in Appendix D.
Elemental analysis
Elemental analysis of Au, As, and S. Chemical analysis indicated a significant
variation in the gold, and arsenic, concentrations in the river sediments. The average gold
(Au), arsenic (As), and sulfur (S) concentrations for all mined sites and all non-mined
sites are shown in Figure 11A and the average concentrations for selected sites are shown
in Figure 11B, respectively. The total elemental concentrations for all sites ranged from 0
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Figure 11. Concentrations of elemental analysis performed in fluvial sediments (red=mined sites, green=non-mined sites). Figure
11A. Average (±SD) gold (Au), arsenic (As), and sulfur (S) concentrations for 17 mined and 10 non-mined sites (n=81). Figure 11B.
Average (±SD) gold (Au), arsenic (As), and sulfur (S) concentrations for three selected mined and two non-mined sites (n=15).
Significant differences (p<0.05) were denoted by the p-value in the upper left corner.
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to 20.26 mg/L for gold, 0 to 7.98 mg/L for arsenic, and 0 to 5851.94 mg/Kg for sulfur.
The average elemental concentrations for all mined sites were 5.23 ± 7.18 mg/L for Au,
1.63 ± 2.25 mg/L for As, and 1345.10 ± 1266.29 mg/Kg for S. The average elemental
concentrations for non-mined sites were 1.22 ± 2.51 mg/L for Au, 0.37 ± 1.47 mg/L for
As, and 1719,35 ± 1386.98 for S. Au concentrations between all mined and all non-mined
sites had a highly significant difference (p<0.01, Mann-Whitney U test), with Au
concentrations being significantly higher at mined sites. The concentrations of Au were
always higher at mined sites than at non-mined sites except for non-mined sites 18 and 21
which demonstrated average Au of 5.79 mg/L and 6.43 mg/L, respectively. As
concentrations among all mined and all non-mined sites also had highly significant
differences (p<0.01, Mann-Whitney U test), with As concentrations being significantly
higher at mined sites. On average, the highest concentrations of As were found in the
gold mined areas, notably mined site 33 with 5.76 mg/L. The recommended level of
arsenic in water is less than 10-50µg/L (Ratnaike, 2003), placing these concentrations
well over advised. The concentrations of S were not significantly different among all
mined and all non-mined sites (p>0.05, Mann-Whitney U test). When comparing the
concentrations of Au for selected mined sites against selected non-mined sites, selected
mined sites had higher concentrations of Au, whereas at selected non-mined sites the Au
concentrations were non-detectable. The concentrations of As for selected mined sites
were significantly higher than non-mined sites (p<0.05, Mann-Whitney U test). The
concentrations of S for selected sites was significantly different between mined and nonmined sites (p<0.05, Mann-Whitney U test), with higher S concentrations at non-mined
sites. In summary, the mined sites exhibited higher concentrations of Au and As in the
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sediment samples than the non-mined sites. This data supports our hypothesis that there
would be significantly different elemental concentrations between mined and non-mined
sites.
Guyana is endowed with major Au deposits and the higher concentrations of Au
exhibited at mined sites was expected (Bertoni et al., 1991). The occurrence of higher Au
concentrations at mined sites is likely due to the lithostratigraphic characteristics and not
due to the mining activities themselves. Gold deposits and occurrences across the Guiana
Shield are associated with low- to medium metamorphic-grade granitoid-greenstone belts
and are often located near quartz veins (Kerrich and Cassidy, 1994; Milesi et al., 1995).
It was suspected that higher levels of As would be exhibited at the mined sites due
to the propensity of mining processes to release arsenic. This occurs because As is
naturally associated with pyrite (FeS) and arsenopyrite (FeSAs2), and gold mining
activities favor As mobilization (Kesse, 1985). In addition to releasing As, gold mine
tailings have also been known to contain many sulfide minerals, which is why an increase
of S was expected to be observed at mined sites (Kiventera et al., 2018). In contrast,
when examining all the sites, this data displayed no difference in S concentration between
mined and non-mined sites. However, the concentration of S is still of interest due to its
ability to affect the availability of mercury. This is because Hg has a high affinity for
sulfur-containing ligands, and these sulfur mercury complexes are often more stable than
water soluble Hg (Hintelmann et al., 1995). Concentrations of Au, As, and S for all 27
sites are given in Appendix E and concentrations of Au, As, and S for the five selected
sites are given in Appendix F.
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Elemental analysis of Hg and MeHg. Mercury (Hg) concentrations varied
significantly in the river sediments. The average mercury concentrations for all sites and
selected sites are shown in Figure 12A and Figure 12B, respectively. The total Hg
concentrations for all mined sites ranged from 0 to 18.065 µg/Kg, and 0 to 6.805 µg/Kg
for all non-mined sites. The average Hg concentrations for all mined sites were 2.102 ±
3.983 µg/Kg and 0.774 ±1.749 µg/Kg for all non-mined sites. Hg concentrations varied
significantly between all mined and all non-mined sites (p<0.001, Mann-Whitney U test),
with mined sites having higher concentrations. Two non-mined sites (2 and 11),
registered average Hg concentrations of 5.211 µg/Kg and 2.743 µg/Kg, respectively.
Concentrations of Hg for selected sites showed repeatedly higher concentrations of Hg
for mined sites when compared to non-mined sites. The average concentration of Hg for
selected mined sites was 8.613 ± 5.972 µg/Kg versus 0.039 ± 0.061 µg/Kg for non-mined
sites. The concentrations of Hg for selected mined sites were significantly higher than
non-mined sites (p<0.001, Mann-Whitney U test). When comparing the Hg
contamination levels of the main channel of the Mazaruni River to that of two of its
tributaries sampled from, the Kurupung and the Eping, the Mazaruni River channel
registered the highest concentrations of Hg (average 2.77 µg/Kg ± 4.58); while the
Kurupung, part of which is affected by mining activities, had on average 0.16 µg Hg/Kg
(± 1.58). The Eping, a relatively less impacted tributary, had an average of 0.04 µg
Hg/Kg (± 0.06), making it the least contaminated tributary by gold mining activities.
Selected samples were analyzed for MeHg using gas chromatography cold vapor atomic
fluorescence spectroscopy (GC-CVAFS). The concentration of MeHg ranged from 0.03
to 2.16 µg Hg/Kg at mined sites, and from 0 to 0.055 µg Hg/Kg at non-mined sites. The

Figure 12. Total mercury concentrations in the study sites (red = mined sites, green = non-mined sites). Figure 12A. Average (±SD)
total mercury (Hg) concentrations for 17 mined and 10 non-mined sites (n=81). Figure 12B. Average (±SD) total mercury (Hg)
concentrations for three selected mined and two non-mined sites (n=15). Figure 12C. Average (±SD) methyl mercury (MeHg)
concentrations for three selected mined and two non-mined sites (n=15). Significant differences (p<0.05) were denoted by the p-value
in the upper left corner.
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average MeHg concentration at mined sites was 0.85 ± 0.80 µg Hg/Kg and 0.03 ± 0.03
µg Hg/Kg at non-mined sites. The average MeHg concentrations for selected mined sites
and non-mined sites are shown in Figure 12C. MeHg was significantly higher at mined
sites than at non-mined sites (p<0.01, Mann-Whitney U test). Average Hg and MeHg
concentrations for selected sites mined and non-mined are shown in Figure 13A, and
Figure 13B, respectively. Figure 13C displays the average Hg and MeHg concentrations
at non-mined sites on a 100 magnitude lower scale than the previous figures to better
visualize the small-scale differences between Hg and MeHg concentrations. Including
MeHg data from both mined and non-mined sites, MeHg accounted for 10.05% of the
total Hg (THg) present. Interestingly, MeHg accounted for 9.87% of total Hg at mined
sites and for 68.82% at non-mined sites. Our hypothesis that higher concentrations of Hg
and MeHg would exist at mined sites was supported with the result. Although a past
study conducted on the Mazaruni River recorded higher mercury levels in the channel
bed sediments (average Hg concentrations of 0.077 µg g-1) (Miller et al., 2003), our
results still, even with the smaller concentration of Hg, indicate significantly higher Hg
concentration at mined sites as opposed to non-mined sites. Higher concentrations of Hg
allow for greater methylation, and thus the significantly higher MeHg concentration at
mined sites was expected and observed. Concentrations of MeHg for the five selected
sediment samples are given in Appendix G and the average concentrations of Hg, MeHg,
Au, As, and S and their p-values are provided in Appendix H.

Figure 13. Comparison of average mercury (red) and methyl mercury (blue) concentrations. Figure 13A. Average (± SD) mercury
(Hg) and methyl mercury (MeHg) concentrations for three selected mined sites (n=9). Figure 13B. Average (± SD) mercury (Hg) and
methyl mercury (MeHg) concentrations for two selected non-mined sites (n=6). Figure 13C. Average (± SD) mercury (Hg) and
(MeHg) concentrations for selected non-mined sites exhibited at 100 magnitude lower scale.
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Microbiome analysis
Length distribution, rarefaction curve of alpha diversity, principal
coordinate analysis, and OTU distribution. A total of 310,302 16S rDNA sequences
were available for microbiome analysis. On average, each sample provided 20,686 (SD ±
5947) sequences. The distribution of these sequence lengths is shown in Figure 14.

Figure 14. Length distribution of 16S rDNA sequences.
All sequences were of 300-500 nucleotides in length which are the within the expected
range of amplicon sizes of 16S rRNA genes across bacterial species. Of the total
sequences, 178,439 sequences (57.5%) were of 300-400 nucleotide lengths, while
131,022 sequences (42.2%) were of 400-500 nucleotide lengths. Although sequence
length of 16SrRNA gene varies, overall GC composition of these sequences remains ~5557%.
Rarefaction curve analysis, which measured number of observed OTUs against
increasing sequence depth for each replicate is shown in Figure 15. Result shows that
mined site 33 replicate B exhibited the highest diversity (Shannon index=8.84) and mined
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Figure 15. Rarefaction curve of alpha diversity in fluvial sediment samples collected in triplicates from three mined and two nonmined sites (n=15).
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site 4 replicate C exhibited the lowest diversity (Shannon index=6.24). At all these sites,
increase in the rate of randomly collected OTUs starts to slow down after increasing the
number of randomly selected sequence tags. This suggests that even if we collected more
sequences there would be no significant increase in total numbers of unique OTUs from
these samples. Furthermore, the alpha diversity within each site is shown in Figure 16.
Mined site 4 had the lowest number of observed OTUs while mined site 33 and nonmined site 14 showed the highest number of observed OTUs.

Figure 16. Box plots of observed OTUs for three mined and two non-mined sites. The
median value is shown as a line within the box. Whiskers extend to the most extreme
values.
Figure 17 exhibits the principal coordinate analysis (PCoA) of weighted UniFrac
phylogenetic distances based on shared and unshared OTU sequences within replicate
pairs within each mined and non-mined site and between all possible pairs within mined
and non-mined sites. The phylogenetic distances reflect upon the differences in the
community structure within and between these sites. Results as shown in Figure 17
suggest that the OTU composition across these sites are clustered into groups,
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Figure 17. Principal coordinate analysis (PCoA) plot of the weighted UniFrac distances
at three mined (red) and two non-mined (green) sites.
mined (red) and non-mined (green) sites. In addition, the dissimilarity of the OTU
composition across mined and non-mined sites are also separated into distinct clusters for
mined and non-mined sites. Together, the two axes, as shown in Figure 17 accounted for
60.4% variation in OTU composition. Furthermore, the bacterial community structure at
mined sites was significantly different from non-mined sites (PERMANOVA analysis: F= 1.8186, p=0.002). A total of 15,681 OTUs were identified, of which, 1,536 OTUs were
classified in the domain of Bacteria, 12 in Archaea, and 1 remained unclassified. Of the
total OTUs, 15,535 were assigned to known bacterial phyla. Figure 18 displays the
number of OTUs that were shared by and unique to the mined and non-mined sites. Of
the total OTUs, 7,419 OTUs were unique to mined sites, 5,648 OTUs were unique to
non-mined sites, and 2,614 OTUs were shared by mined and non-mined sites.
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Figure 18. Venn diagram of unique and shared OTUs found at mined and non-mined
sites.
Distribution of bacterial phyla abundance. Soil sediments of rivers are
complex ecological niches that are the outcome of the accumulation of organic matter
and are inhabited by a variety of eukaryotic and prokaryotic microorganisms. The
structure of the sediment microbial community is affected by physiochemical
characteristics of the sediment and by the loads of organic matters and anthropogenic
toxic pollutants introduced to the aquatic system (Acosta-Martinez et al., 2008).
Additionally, the bacterial community composition of rivers is also shaped by water
temperature, day length, time, water residency duration, pH (Niño-García et al., 2016),
available nutrients (Ruiz-Gonzalez et al., 2015), and storm events (Jackson et al., 2014).
Thus, the nature of the sediment microbiome of the Mazaruni River is complex and
multivariable. However, because mined-sites were contaminated with mercury and other
mining related effluents, it was hypothesized that the microbial community structure and
composition would be significantly different between mined and non-mined sites. The
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bacterial diversity for most prevalent phyla at mined and non-mined sites is depicted in
Figure 19 and the phyla determined to be significant (p-value<0.05) are shown in Table
1. The average percent abundance and Kruskal Wallis test results for each phylum
(significant and non-significant) can be found in Appendix I. A majority of the OTUs
(~82%) represent two major phyla, Proteobacteria and Actinobacteria at both mined and
non-mined sites. Proteobacteria was found more abundant Kruskal Wallis test, (p< 0.01)
at mined sites (46.23%) than the non-mined sites (34.23%), while Actinobacteria were
found more abundant (Kruskal Wallis test, p< 0.01) at non-mined sites (34.39%) than the
mined sites (25.78%). Although Elusimicrobia is less abundant at both mined (0.21%)
and non-mined (0.6%) sites, members of this phylum are significantly higher (Kruskal
Wallis test, p<0.01) at mined sites. Four additional bacterial phyla, unclassified Bacteria
(Bacteria_), WPS-2, Cyanobacteria, Planctomycetes, and Patescibacteria, were less
abundantly present at both mined and non-mined sites; however, they were significantly
higher (Kruskal Wallis test, p<0.05) at non-mined sites. Furthermore, mined and nonmined sites contain 0.16% and 0.39% unclassified phyla, respectively and these
additional phyla may represent new taxa which have not been classified yet.
Proteobacteria comprises the largest and most phenotypically diverse phylum of the
prokaryotes and is of great biological significance because it includes many known
animals and plant pathogens such as Escherichia, Salmonella, Vibrio, and Helicobacter
(Holt et al., 1994; Gupta, 2000). It is likely that the pervasive presence of Proteobacteria
is due to the robustness of the members of this phylum to exist in multivariable and
complex hostile environmental conditions, such as heavy metal-rich environments
(Rastogi et al., 2010). Furthermore, studies conducted on samples derived from Uranium
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Figure 19. Taxonomic distribution of top 20 most abundant phyla at mined (M) and non-mined (NM) sites. Figure 19A. Relative
phyla abundances in three replicates of each mined and non-mined sites (n=15). Figure 19B. Relative phyla abundances of three
mined and two non-mined sites. Figure 19C. Relative phyla abundances of the total mined and non-mined sites.
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Table 1
Average relative abundance (%) of phyla and results of Kruskal Wallis tests for
significantly different phyla (p<0.05) between mined and non-mined sites

mined sites in India and Gold mined sites in Africa report similar findings, with Proteobacteria
being the most abundant phylum in mine tailings and acid mine drainage (Dhal and Sar, 2014;
Keshri et al., 2015). Additionally, numerous members of the δ-Proteobacteria class are known
mercury methylators, and their genomes possess hgcA and hgcB genes, which are involved in the
mercury methylation reactions. Also, a recent study by Macdonald (2016) showed that
Elusimicrobia existed in waters affected by mine-water discharge. Similarly, Chen et al., (2018)
found that the presence of bacterial phyla such as Actinobacteria and Verrucomicrobia is negatively
correlated with high concentration of heavy metals, such as Hg, As, and Pb, suggesting that
members of these two phyla may have heavy metal sensitivity. These findings could help to explain
why these two phyla were less abundant at non-mined sites in this study, for which our elemental
analysis exhibited higher concentrations of Hg and As. Also, within the Proteobacteria, γproteobacteria was found to be more abundant at mined sites (19.31%) than at non-mined sites
(10.03%) (Kruskal Wallis test, p-value<0.01). This result could be due to the heavy metal tolerance
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capabilities of γ-proteobacteria, because this group harbors the highest frequency of metal resistance
related genes within Proteobacteria. The correlation between mercury concentration and γproteobacteria abundance is shown in Figure 20. The correlation coefficient was 0.85, indicating
mercury concentration and percent average relative abundance of γ-proteobacteria was positively
correlated.

Figure 20. Scatterplot relating mercury (Hg) concentration and percent abundance of γproteobacteria. The mined and non-mined sites are indicated in red and green circles,
respectively.
Distribution of bacterial family abundance. Bacterial family diversity at mined
and non-mined sites is shown in Figure 21 and the families determined to be significant
(p-value<0.05) are shown in Table 2. The average abundance and Kruskal Wallis test
results for each family (significant and non-significant) can be found in Appendix J.
Results reveal the bacterial family Burkolderiaceae was the most abundant at both mined
and non-mined sites, but it is significantly higher (Kruskal Wallis test, p <0.01) at mined

Figure 21. Taxonomic distribution of top 20 most abundant family groups at mined (M) and non-mined (NM) sites. Figure 21A.
Relative family abundances in three replicates of each mined and non-mined sites (n=15). Figure 21. Relative family abundances of
three mined and two non-mined sites. Figure 21C. Relative family abundances of the total mined and non-mined sites.
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Table 2
Average relative abundance (%) of family groups and results of Kruskal Wallis tests for
significantly different family groups (p<0.05)

sites (13.79%) than non-mined sites (6.06%). The family Burkolderiaceae is comprised
of genera which are phenotypically, metabolically and ecologically diverse. Members of
this family include both strictly aerobic, facultatively anaerobic, chemoorganotrophs,
obligate facultative chemolithotrophs, and pathogens (Garrity et al., 2015). Members of
this family are also capable of metal and sulfate reduction and are reported to live in
association with other sulfur reducing bacteria (SRB) when the environment is affected
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by high metal concentrations (Church et al., 2007; Van der Zaan et al., 2012). Uncultured
Actinomycetales was also found to be significantly more abundant (Kruskal Wallis test, p
< 0.01) at mined sites (6.66%) than non-mined (1.50%). The order Actinomycetales
includes generally anaerobic bacteria that contain both free living and pathogenic species,
which are considered quintessential degraders of complex polysaccharides in soils
(Yeager et al., 2017). In contrast, the family Solirubrobacteraceae was significantly more
abundant (Kruskal Wallis test, p < 0.01) at non-mined sites (5.84%) than mined sites
(2.34%). Members of the family Solirubrobacteraceae are mesophilic and
psychrotolerant (capable of growing at temperatures close to freezing but optimal growth
temperature is higher) (Gundlapally et al., 2009).
Distribution of bacterial genera. Bacterial genera diversity at mined and nonmined sites is shown in Figure 22. The predominant genera observed at mined sites were
uncultured bacteria of Actinomycetales (6.66%), uncultured bacteria of
Xanthobacteraceae (5.64%), unclassified genera of Burkholderiaceae (4.24%), and
Burkholderia-Caballeronia-Paraburkholderia (4.0%). The predominant genera at nonmined sites included unclassified genus of Xanthobacteraceae (5.43%), unclassified
Acidimicrobiia (4.52%), and uncultured Gaiellales (4.27%). Genera Actinomycetales
(6.66%), Burkholderia-Caballeronia-Paraburkholderia (4.23%), uncultured
Burkholderiaceae (4.24%), Ramlibacter (2.28%), and Pseudolabrys (2.06%) were found
at a significantly higher percentage of composition at mined sites than non-mined sites
(Kruskal Wallis test, p < 0.01). Genera that were significantly more abundant at nonmined sites included uncultured Gaiellales 4.30%), uncultured Acidimicrobiia (4.49%),

Figure 22. Taxonomic distribution of top 20 most abundant genera at mined (M) and non-mined sites (NM). Figure 22A. Relative
genera abundances in three replicates of each mined and non-mined sites (n=15). Figure 22B. Relative genera abundances of three
mined and two non-mined sites. Figure 22C. Relative genera abundances of the total mined and non-mined sites.
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Table 3
Average relative abundance (%) of top 20 genera and results of Kruskal Wallis test for
significantly different genera (p<0.05) with the top 20 genera between mined and nonmined sites

uncultured WPS-2 bacterium (2.74%), uncultured Solirubrobacteraceae (2.94%), Conexibacter
(2.77%), and Bacillus (2.57%). The genus Burkholderia-Caballeronia-Paraburkholderia is a
relatively new genus (Estrada-de los Santos, 2018). The species belonging to
the genus Burkholderia exhibit various lifestyles including human, animal, and plant pathogens,
strains with significant biotechnological potential, and plant symbionts (Depoorter et al., 2016;
Suarez-Moreno et al., 2012, Beukes et al., 2017). Ramlibacter are aerobic, chemo-organotrophic,
and cyst-producing soil bacteria (Heulin et al., 2003).
Distribution and diversity of known mercury methylators at mined and nonmined sites. The main mechanism for Hg methylation within various ecosystems is
mediated by microbial communities, and the primary mediators of methylation
determined to date are SRB (Compeau and Bartha, 1985, King et al., 2000), IRB
(Fleming et al., 2006), Firmicutes (Gimour et al., 2013), and methanogens (Hamelin et
al., 2011, Yu et al., 2012). Thus, the identification and quantification of these microbiota
are of significance to this study for their mercury methylation capabilities. Geobacter is a
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genus of IRB in the class δ−proteobacteria that has demonstrated Hg methylating
capabilities (Fleming et al., 2006). Geobacter accounted for 22.04% of the

δ−proteobacterial abundance at mined sites, and 0.05% at non-mined sites. Results
indicate that the abundance of Geobacter was significantly higher at mined sites (Kruskal
Wallis test, p-value < 0.05). Hg methylation has also been confirmed in a certain member
of Firmicutes, including certain species of the SRB Desulfosporosinus (Gimour et al.,
2013). The Desulfosporosinus genus accounted for 3.38% of Firmicute abundance at
mined sites and 0.02% Firmicute abundance at non-mined sites. Results demonstrated
that Desulfosporosinus was significantly higher at mined sites than at non-mined sites (pvalue< 0.05). Other known mercury methylating genera identified were Desulfovibrio,
Syntrophus, Desulfobulbus, Desulfitobacterium, and Ethanoligenens and these genera
were not present at non-mined sites but were found at mined sites. Overall, it was
observed that certain genera of bacteria that contain confirmed mercury methylators were
found in significantly higher abundances at mined sites. In conclusion, not only was the
sediment microbial community significantly different between mined and non-mined
sites, bacteria associated with heavy metal tolerance and bacteria with mercury
methylation capabilities were found in higher abundances at mined sites.
Future work
Future work will include identification of hgcA and hgcB gene homologs among
eubacterial, archaebacterial, and fungal species using bioinformatics analysis (BlastP)
and identification of hgcA and hgcB genes from the genomic DNAs isolated from soil
sediments sampled from mined and non-mined sites using PCR. A preliminary analysis
of the abundance of hgcAB+ genera in samples suggests that mined sites have an overall
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higher abundance of hgcAB+ genera, including SRB and IRB. The data shown in Figure
23 supports further investigation into the relationship of hgcAB + genera and gold

Figure 23. Estimated average (±SD) abundance of genera that contain the hgcAB gene
cluster. Figure 23A. Estimated average abundance of genera for three mined (M) and two
non-mined (NM) sites (n=15). Figure 23B. Estimated average abundance of genera for
each study sites
mining of the Mazaruni River. In addition to these analyses, analysis of hgcA and hgcB
mRNA expression from bacteria isolated from mined and non-mined sites using RT-PCR
and complete microbiome RNA sequencing of bacterial samples obtained from mined
and non-mined sites using RNA Seq will be further performed. The cumulative impact of
these data will contribute to the development of innovative biomonitoring and
bioremediation tools for mercury and its depletion from freshwater ecosystems.
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